Summary
Introduction
Fire is an important ecological process in many of the world's ecosystems, where it regularly removes much of the aboveground biomass, and creates the conditions necessary for reproduction and coexistence in plant communities (Bond & Keeley 2005 ). In fire-prone ecosystems, the range of fire season, frequency (return period), size and intensity of fires combine to produce a fire regime (Gill 1975 ) that characterizes the ecosystem. Within such ecosystems, the component biota is adapted to, and in many cases dependent on, particular fire regimes (Bond & van Wilgen 1996) . Where fire-prone natural landscapes have become fragmented due to development, fires can also pose a significant threat to infrastructure, crops, livestock and humans. Managers of many of the world's fire-prone ecosystems thus face the problem of reducing the risk of damaging wildfires, while simultaneously ensuring that fire continues to play its vital role in maintaining healthy ecosystems (Biswell 1989; Keith, Williams & Woinarski 2002; Keeley & Fotheringham 2006) .
In fire-prone ecosystems, individual fire events contribute to the fire regime over time. Managers usually seek to promote a particular regime by burning a selected proportion of the land in a given season, and at the appropriate return interval. They will also respond to wildfires that threaten life or property, or that may be ecologically undesirable, by attempting to suppress or contain them. The immediate focus of managers on any given fire suggests that their actions are event-driven (Gill, Bradstock & Williams 2002) . The response of ecosystems, however, depends not only on the effects of a single fire, but also on the legacies inherited from previous fires. Moving beyond the management of fires as isolated events, and towards the concept of managing fire regimes, will require a far better understanding of whether and how fire regimes can be influenced (Gill et al. 2002) . This understanding, in turn, can only be gained if long-term fire records are available, and if they have been adequately analysed and interpreted. Such detailed understanding is often absent, and fire managers can only respond to the 'visible mosaic' (the footprint left by the last fire, Parr & Andersen 2006) ; the 'invisible mosaic' (the patterns of all other past fires) does not normally influence their actions. Quantifying fire regimes is a fundamental first step towards sound ecosystem fire management, and provides a background to the interpretation of biotic responses to fire. The degree to which management interventions impact on fire regimes is an another important aspect of fire management (van Wilgen et al. 2004) , but is rarely reported.
Mediterranean-type ecosystems share several characteristics with regard to fire and its management. These regions around the Mediterranean basin, California, south-western Australia and parts of South Africa have warm, dry summers and fireprone vegetation that promotes the regular occurrence of fires. In addition, all have growing human populations whose presence will complicate fire management. The fynbos shrublands of the Mediterranean-climate regions of South Africa provide an example of a fire-prone and fire-adapted ecosystem that is managed for conservation purposes using prescribed burning (Richardson et al. 1994) . These shrublands are noted for their diversity and species-richness (Cowling, Richardson & Mustart 1997) , and policy calls for them to be burned at 12-15 year intervals in late summer or early autumn (van Wilgen, Bond & Richardson 1992) . The prescribed burning policy replaced one of the fire suppressions in 1968, and had the dual goals of rejuvenating the vegetation by ensuring that regular fires took place, and of reducing the risk of large wildfires by reducing and fragmenting fuel loads (Van Wilgen 2009) . Recently, agencies charged with the management of fynbos areas have made a concerted effort to build spatially explicit fire data bases (De Klerk 2008; Forsyth & van Wilgen 2008) . These data bases provide information on the occurrence of fires in fynbos protected areas over four or more decades, and can be used to quantify elements of the fire regimes that have prevailed under a management policy that promoted judicious prescribed burning.
In this paper, we report on an analysis of the fire regimes in 10 fynbos protected areas, over the past four decades. Our goals were (i) to quantify the elements of the fire regime and the factors that influenced it; (ii) to assess the degree to which prescribed burning influenced the fire regimes; and (iii) to examine whether or not the goals of prescribed burning had been realized. In particular, we examined whether burning would be necessary to regularly rejuvenate the vegetation, and whether regular burning would reduce the incidence and extent of wildfires.
Materials and methods

S T U D Y A R E A S A N D F I R E M A N A G E M E N T
Our study focussed on 10 fynbos-protected areas that collectively cover 726 180 ha (Table 1) . Most are mountainous areas that range in altitude from sea level to 2000 m a.s.l. Mean annual rainfall is variable; data in Table 1 are from Smithers & Schulze (2000) , but as a general rule rainfall increases with altitude. In the western half of the fynbos biome, rain falls predominantly in the winter months (from May to September); the seasonal distribution of rainfall becomes bimodal (with peaks in March and September) in the eastern part of the biome. These shifts in rainfall seasonality also affect the seasonality of fires, and the fynbos biome has been subdivided into five fire climate zones (Table 2) that provide useful subdivisions for the purposes of examining fire regimes and their effects (van Wilgen 1984) . Mucina & Rutherford (2006) recognized 81 distinct fynbos vegetation units, and 38 renosterveld and strandveld (coastal) units, within the fynbos biome. The protected areas in our analysis included predominantly fynbos vegetation units in mountain areas. The lowland areas of the fynbos biome are largely transformed and consist mainly of renosterveld and strandveld units. The biome's vegetation has high levels of endemism, with over 6200 (69%) of the 9000 plant species being endemic to the biome (Goldblatt & Manning 2002) . Structurally, the vegetation comprises finely divided shrubs and graminiod plants that form a coarse fuel bed (van Wilgen & van Hensbergen 1992) . Invasive alien plants are found in all areas, with estimated cover (after Le Maitre, Versfeld & Chapman 2000) varying between 0AE2% and 14% ( Table 1 ). The major invasive species include Australian acacias (Acacia mearnsii, Acacia cyclops, Acacia saligna and Acacia melanoxylon), hakeas (Hakea sericea and Hakea gibbosa) and pines (Pinus pinaster and Pinus radiata). The presence of invasive alien vegetation can complicate fire management, as these species are also fire-adapted and require treatment before the areas can be burnt (Richardson et al. 1994; Holmes et al. 2000) . A detailed account of the evolution of fire and invasive alien plant management in fynbos is provided by Van Wilgen (2009).
F I R E H I S T O R Y D A T A B A S E
Fires in all protected areas have been recorded by managers for many decades. However, as earlier records were less reliable, we confined our analysis to records as far back as 1970, where available (Table 1) . Typical fire records included a mapped boundary of each fire, along with the dates on which the fire occurred. Causes of fires were recorded in most cases; in this analysis, we distinguished only between prescribed burns and all other fires. We assembled these records and captured the boundaries of all fires on a geographic information system. Records were checked for completeness, and a concerted effort was made to locate missing records.
One of the goals of prescribed burning was to reduce fuel loads that accumulate between fires, with the aim of reducing the risk of wildfires. We tested the assumption that fire hazard increases with post-fire age by deriving hazard functions that fit a flexible, generalized Weibull model to fire interval probability distributions (Moritz et al. 2004 ). The function is expressed as
, where k(t) is the hazard of burning, b is a scale parameter related to the expected interval between fires and c is a shape parameter that captures how the hazard of burning changes with the time since the last fire (t). Where c = 1, the hazard does not change with time since fire; for values of c between 1 and 2, fire hazard grows at a diminishing rate, while c > 2 indicates an exponential increase in hazard with time since the last fire. To assess fire return intervals, we delimited areas of unique fire history by overlaying fire records for each protected area. Our analysis accounted for censored values (Polakow & Dunne 1999) , where fire return intervals prior to the first fire on record, and following the last fire on record cannot be known.
F R E Q U E N C Y , S E A S O N A N D S I Z E O F F I R E S
Fire return intervals vary at the same point between successive fires, but an estimate of the typical return interval that characterizes a particular area is useful for the purpose of comparing the relative frequency of fires between areas. The probability distributions described above were used to estimate a median fire return interval for each of the protected areas, using the estimate at which the proportion of the area surviving without a successive fire is 0AE5 in the generalized Table 2 for fire climate zone descriptions. (Polakow & Dunne 1999) . We examined the seasonal distribution of fires in each of the five fire climate zones. In addition, we determined the total area of fires in different size classes, as follows: <1, 1-10, 10-100, 100-1000, 1000-10 000 and >10 000 ha. We included the extent of the fires within the boundaries of the protected areas only. Fire records sometimes showed that individual fires burned beyond the boundaries of the protected areas, but as these fires were not consistently recorded, they were not included in the analysis.
We obtained daily weather data from a weather recording station in each of the five fire climate zones (Table 2) in the fynbos biome. We used the McArthur Forest Fire Danger Index (Noble, Gill & Bary 1980) to calculate daily indices of fire danger. The data used included daily maximum temperature and minimum relative humidity, wind speed, the time since last rain fell, and moisture deficit to estimate a fire danger index (FDI) . FDI values of 0-5 are considered low, 5-12 moderate, 13-24 high, 25-50 very high, and >50 extreme. Each fire on record was assigned a FDI; where a fire burnt over more than 1 day, the highest FDI during the fire was used to represent weather during the fire.
Results
F U E L A C C U M U L A T I O N A N D T H E P R O B A B I L I T Y O F F I R E
The shape parameter (c) for the Weibull model for all 10 protected areas was between 1 and 2 (Table 3) . A value of c = 1 indicates that fire hazard does not change with increasing postfire age; a value of 2 indicates a linear increase, and values >2 indicate increasingly exponential growth in fire hazard with post-fire age (Moritz et al. 2004) . Values of 1 < c < 2 suggest that fire hazard does grow with post-fire age, but at a diminishing rate; in other words, the probability of fire increases with post-fire age for the first few years post-fire, after which postfire age has a lesser effect on the probability of fire. Cumulative fire frequency distributions indicate that the probability of fire in fynbos was generally not strongly affected by post-fire age (Fig. 1) . Rather than exhibiting a sigmoidal shape (where the distributions would show relatively flat slopes in the initial years after fire, and much steeper slopes thereafter), the distributions show steep declines in the initial decade after a fire (Fig. 1) .
P R E S C R I B E D B U R N I N G A N D F I R E R E T U R N I N T E R V A L S
A total of 1689 fires burning over 1AE3 million ha occurred in the 10 protected areas over the past 33-37 years (Table 4) . Table 3 . Parameters of a generalized Weibull model of fire hazard as a function of post-fire age in 10 protected areas in the fynbos biome
Protected area
Scale parameter, b Shape parameter, c
Numbers in parentheses are the 95% confidence limits. Mean fire return intervals ranged from 10 to 13 years in 7 of 10 protected areas. Three of the areas had longer return periods of 16-21 years (Table 4) . A relatively small area (between 4AE6% and 32AE4% of the area of all fires) burnt in prescribed burns, suggesting that wildfires had a greater influence on fire return intervals than prescribed burning. The Swartberg Nature Reserve was managed as a 'naturalburning zone' where fires were not prescribed, and fires came about largely as a result of lightning (Seydack, Bekker & Marshall 2007 ).
F I R E S E A S O N A L I T Y A N D S I Z E
Although fires occurred in every month of the year, the pattern is seasonal, with the majority of area burnt from November to March (Fig. 2) . The exception is the eastern coastal zone, where a sizable proportion of fires took place in winter (JuneAugust), reflecting the climatic conditions in the zone (Table 2) . A relatively small proportion of the area burnt in prescribed burns; in the western zones, many of these were between April and September (Fig. 2) , despite a policy that called for burning between November and March for ecological reasons . This reflects the propensity of managers to place safety before ecological considerations. Large fires (>10 000 ha) were rare, with only 21 of 1689 fires falling into this category (Fig. 3) . Most of the area burnt in 265 fires of between 1000 and 10000 ha. The three largest fires on record were 50 897, 30 667 and 28 394 ha. These areas represent the extent of the fires within the boundaries of the protected areas; the total areas that burnt in these large fires (including areas outside of the protected areas) were 58 528, 32 315 and 35 503 ha, respectively.
W E A T H E R A N D F I R E O C C U R R E N C E
Only 703 of the fires on record had an exact date (year, month and day or days), and could thus be associated with a FDI. Fires took place under a wide range of weather conditions, but fires >5000 ha were always associated with a FDI of >10 (moderate-high), and fires >10 000 ha were associated with a FDI of >20 (high to very high, Fig. 4) . The inland zones also experienced a more severe fire climate than the coastal zones, with three times as many days being classified as either high or very high in terms of fire danger (Table 5) . Although large fires are associated with high to very high fire danger, fire return periods were similar between the inland and the western and south-western coastal zones, suggesting that additional weather-related opportunities for fire in the inland zones did not result in a higher incidence of fire. This in turn suggests that the frequency of ignition sources limits the overall incidence of fire. 
Discussion
F A C T O R S I N F L U E N C I N G F I R E R E T U R N I N T E R V A L S
Fire return intervals are determined by how often the three necessary conditions for fire (the presence of sufficient continuous fuel beds; hot, dry weather and a source of ignition) co-occur at the same place over time. The time required to accumulate sufficient fuel (post-fire age) is therefore an important determinant of fire return intervals. Fire managers in the latter half of the 20th century (including those responsible for managing fynbos) assumed that exclusion of fire through fire suppression would lead to an accumulation of fuel, leading in turn to large, uncontrollable wildfires. Prescribed burning with the goal of fuel reduction and fragmentation was often proposed as a means by which such large wildfires could be prevented. However, in recent years, the validity of these assumptions has increasingly been challenged in the Mediterranean-climate chaparral in California (e.g. Keeley, Fotheringham & Morais 1999) . In chaparral and most other fire-prone ecosystems, it has been found that rapid post-fire fuel accumulation rates frequently limit the effectiveness of prescribed fire in reducing wildfire risk to a short post-treatment period of 2-4 years (Fernandes & Botelho 2003; Moritz et al. 2004) , which is supported by our results. There is now evidence that the frequency of fires in Mediterranean-climate shrublands is strongly influenced by human population densities, which have the effect of increasing the frequency of ignitions (Syphard et al. 2009 ). This was seen as a significant threat to the integrity of these ecosystems. 
The ratings are ranges of the McArthur Forest Fire Danger Index, as follows: low (0-5); moderate (5-12); high (13-24) and very high (>25).
In our study, inland zones experienced a more severe fire climate than the coastal zones (Table 5 ), but this was not consistently reflected in similar differences in fire return intervals over more than three decades, suggesting that ignition opportunities, rather than fuel or weather, limited the occurrence of wildfires. In fynbos vegetation, the presence of fuel seems not to limit fires, except in the first few years post-fire, and median fire return intervals in this study were between 10 and 13 years in 7 of 10 areas. The exceptions were the Swartberg, Outeniqua and Kogelberg. The Swartberg (median fire return interval of 21 years) has relatively low rainfall over much of its area, and correspondingly lower rates of fuel accumulation which result in longer inter-fire periods (Seydack et al. 2007) . The case of the Outeniqua (with a median fire return interval of 18 years) may be explained by a relatively mild fire climate. This area had the highest proportion of days (66%) in the low fire danger category (Table 5) , which could reduce the likelihood of cooccurring suitable weather and ignition opportunities in the eastern coastal zone. In the Kogelberg, the relatively long median fire return interval of 16 years could be explained by less ignition opportunities, as public access to the area was denied between 1968 and 1992.
S E L E C T I N G F I R E R E T U R N I N T E R V A L S F O R C O N S E R V A T I O N
The choice of an interval between fires that will benefit the majority of species in fire-prone ecosystems is usually based on an understanding of their reproductive biology. Important factors to consider include the ability to sprout after fire, the maturity age for species that reproduce by means of seed and dispersal abilities (Noble & Slatyer 1980) . The selection of the minimum post-fire age at which to burn fynbos has been guided by the interval between fires that would allow at least 50% of individuals in a population of the slowest-maturing of the obligate reseeding plant species to have flowered and set seed for at least three successive seasons (Kruger & Lamb 1979; . Application of this rule normally suggests a minimum inter-fire period of c. 12-15 years between fires. Our analysis shows that median return intervals are between 10 and 13 years in 7 of 10 areas (Table 4) , which means that half of the area burns at a post-fire age of <10-13 years (Fig. 1) , although not necessarily repeatedly.
It is well-documented that repeated frequent burning (at intervals of 4 years) can eliminate important overstorey shrubs in fynbos (van Wilgen 1981 (van Wilgen , 1982 . It has also been shown that increased fire frequency favoured sprouting species in the Swartberg, and that increases in sprouters were associated with decreases in non-sprouting plant diversity (Vlok & Yeaton 1999) . Concerns about the conservation of fynbos shrublands in the latter half of the 20th century focused on the perception that fire was not frequent enough (Bond 1980; van Wilgen 1982) . Our analysis does not provide support for this concern, as the areas assessed here experience regular fires, despite the relatively low proportion of the area that burnt in prescribed burns. On the contrary, there is now evidence that fires may be increasing in frequency, both in fynbos (Forsyth & van Wilgen 2008) and other Mediterranean-climate ecosystems (Syphard et al. 2009 ). Rather than a focus on regular 'rejuvenation' as soon as the vegetation matures, prescribed burning should possibly be used only when the vegetation approaches senescence, which suggests the adoption of a much longer target period between prescribed burns. Our finding that fire return intervals are not reliant on long periods that allow for fuel accumulation would further lend support to this suggestion, as regular burning will not necessarily prevent large wildfires, which are more dependant on weather and sources of ignition than they are on fuel accumulation.
Alien plant invasions can, among other effects, change fuel properties, which can in turn affect fire behaviour and, ultimately, alter fire regime characteristics such as frequency, intensity, extent, type and seasonality of fire (Brooks et al. 2004) . In Mediterranean-climate ecosystems, invasive alien plants differ in their effects on vegetation structure and fire regimes. Chaparral ecosystems are invaded mainly by alien grasses, whereas in fynbos the important invasive species are trees and shrubs.
Alien grasses in chaparral grow relatively rapidly when compared with the native shrubs, and can decrease the intervals between fires due to rapid fuel production (Keeley 2001) . Fynbos, however, is invaded by pines (Pinus species) and hakeas (Hakea species). These woody invaders increase fuel loads and the intensity of fires (van Wilgen & Richardson 1985) , leading to severe erosion after fires (Scott & vanWyk 1990) . The negative effects of invasive alien trees in fynbos ecosystems on fire intensity, erosion and biodiversity make them the single largest threat to the conservation of extant fynbos areas (Van Wilgen 2009).
Prescribed burning forms an important component of the control of invasive pines and hakeas (Holmes et al. 2000) . There are many factors that contribute to the relatively low proportion of area that burns in prescribed burns in the fynbos, the most important of which include a narrow seasonal window of opportunity to conduct ecologically acceptable prescribed burns safely, a lack of funding, the need to incorporate the pre-fire treatment of invasive alien plants, and growing concerns about the safety of prescribed burning and legal liability in cases where prescribed burns escaped (Van Wilgen 2009) . Given these constraints, it would seem prudent to prioritize the limited opportunities for prescribed burning to areas where fires are needed for the treatment of invasive pines and hakeas. Our analysis suggests that this would be acceptable as prescribed burns would not be needed to reduce fuel loads and fire hazard, and only rarely to rejuvenate the vegetation.
M A N A G E M E N T I M P L I C A T I O N S
Our analysis suggests that prescribed burning is either, by and large, not required (in the case of providing sufficient fire for regeneration), or ineffective (in the case of reducing the incidence of wildfires). In terms of the conservation of fynbos ecosystems, the largest threats will come not from the suppression Fire regimes in Cape fynbos 7 or containment of fire, but from increasing sources of ignition that will lead to an increase in the frequency of fires. Associated with this is the risk that the spread of fire-adapted alien trees and shrubs (which already constitute a significant threat) will be further increased by more frequent fire. These problems are very similar to those experienced in California, where increasing human populations and alien plant invasions are changing fire regimes. Agencies charged with the conservation of fynbos shrublands should monitor fire return intervals, and take steps to protect areas that are in danger of burning too frequently. In addition, they should prioritize the use of limited funds, and limited opportunities to conduct safe prescribed burns, to areas where they can address the control of invasive alien trees and shrubs.
